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Communicated by Noel Urban
This study applied eight techniques to obtain estimates of the diffusive flux of phosphorus (P) from bottom sed-
iments throughout the western basin of Lake Erie. The fluxwas quantified from both aerobic and anaerobic incu-
bations of whole cores; by monitoring the water encapsulated in bottom chambers; from pore water
concentration profilesmeasuredwith a phosphatemicroelectrode, a diffusive equilibrium in thinfilms (DET) hy-
drogel, and expressed pore waters; and frommass balance and biogeochemical diagenetic models. Fluxes under
aerobic conditions at summertime temperatures averaged 1.35 mg P/m2/day and displayed spatial variability on
scales as small as a centimeter. Using two different temperature correction factors, the fluxwas adjusted tomean
annual temperature yielding average annual fluxes of 0.43–0.91 mg P/m2/day and a western basin-wide total of
378–808Mg P/year as the diffusive flux from sediments. This is 3–7% of the 11,000Mg P/year International Joint
Commission (IJC) target load for phosphorus delivery to Lake Erie from external sources. Using these average aer-
obicfluxes, the sediment contributes 3.0–6.3 μg P/L as a background internal contribution that represents 20–42%
of the IJC Target Concentration of 15 μg P/L for the western basin. The implication is that this internal diffusive
recycling of P is unlikely to trigger cyanobacterial blooms by itself but is sufficiently large to cause blooms
when combined with external loads. This background flux may be also responsible for delayed response of the
lake to any decrease in the external loading.

© 2016 International Association for Great Lakes Research. Published by Elsevier B.V. All rights reserved.
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Introduction

During the 1960s, Lake Erie experienced huge algal blooms, low-
oxygen waters, and fish kills reflecting the effects of significant eutro-
phication. Research and predictions of empirical and computer ecosys-
tem models (e.g., Charlton, 1980; Di Toro and Connolly, 1980;
Schelske and Stoermer, 1971; Vollenweider, 1976) identified phospho-
rus (P) control as the best means of controlling eutrophication. Target
levels for P loading were determined by binational collaborative pro-
grams that led to the implementation of the Great Lakes Water Quality
Agreement (IJC, 1978) with a target total phosphorus (TP) loading to
Lake Erie of 11,000 metric tons per year (Mg/year) and the IJC recom-
mended programs that would achieve those loads. DePinto et al.
(1986) provide a retrospective of the 1970s Great Lakes phosphorus
load reduction programs. In response to those load reduction programs,
).

es Research. Published by Elsevier B
phosphorus loadings declined steadily beginning in the 1970s fromover
25,000 Mg/year to a 1981–2011 average of 9491 Mg/year (Baker et al.,
2014). Following the initial decline in loadings phytoplankton biomass
and frequency of cyanobacterial blooms decreased (Makarewicz,
1993), and oxygen depletion rates declined (Bertram, 1993). However,
since about the mid-1990s, Lake Erie has experienced a number of
water quality and ecosystem changes (Matisoff and Ciborowski,
2005). For example, although TP loadings have remained at or below
the target loading of 11,000 Mg/year (except during wet years charac-
terized by marked flood pulses), the extent of harmful (Microcystis)
and nuisance (Cladophora) algal blooms has increased (Conroy et al.,
2005a, 2005b; Michalak et al., 2013). In addition, episodic anoxia may
be increasing in the bottom waters in the Central Basin (Rockwell and
Warren, 2003), although there is no evidence of increased anoxia in
the relatively shallowWestern Basin.

There are a number of potential explanations for these ecosystem
and water quality changes, including (1) increased internal loading of
P possibly mediated by dreissenid mussels (Conroy et al., 2005a,
.V. All rights reserved.
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2005b), (2) underestimation of some P inputs such as fromurban storm
water, (3) changes in the ecosystem that have led to altered nutrient
uptake mechanisms and nutrient balances in the lake, (4) increases in
bioavailable P loading despite relatively constant loadings of TP (Baker
et al., 2014), and (5) weather/climate induced changes that affect lake
levels, the timing of nutrient pulses, and water temperatures and
wind events that affect sediment resuspension and transport and nutri-
ent release (Ohio EPA, 2010).

Seasonal variations in external nutrient loading, temperature, and
internal nutrient processing may also play a role in the formation of
algal blooms. Stumpf et al. (2012) and Obenour et al. (2014) showed
that the biomass of summer/fall cyanobacteria in Lake Erie is directly re-
lated to spring time total P loading from the Maumee River, leading to
the question of how P is recycled and retained in the western basin be-
yond its average water residence time. The seasonal variation in P flux
could also have consequences for the lake ecology. Michalak et al.
(2013) found similar causes in their analysis of the large 2011
Microcystis bloom and concluded that similar blooms were likely to
occur in the future unless changes in agricultural loading sources and
climate stressors are made. The drought in the spring of 2012 was
followed by a much reduced bloom in the summer of 2012, suggesting
that the effect of reducing external loading is almost immediate. How-
ever, if external loading was the only factor, there should have been al-
most no bloom in 2012, but the 2012 bloom, albeit smaller, was likely
supported significantly by the internal load. These observations suggest
that uncertainties surrounding the relative influence of the five poten-
tial explanations indicate that a better understanding of the nutrient dy-
namics in thewestern basin of Lake Erie is required in order to establish
more accurate P management plans and loading targets, to forecast fu-
ture water quality, and to better target remedial actions and best man-
agement practices. In particular, one of the poorly known components
of the nutrient dynamics is the amount of P that is recycled to the
water column by internal loading. Not only does this unknown loading
create uncertainty in the determination of the total quantity of P deliv-
ered to the lake, but it also creates uncertainty in estimating the lag time
between reductions in tributary loading and the time frame over which
improvements in lake water quality are to be expected.

Regenerated sedimentary P is highlymobile andmigrates upward to
the sediment surface where it is partially retained on iron and manga-
nese oxyhydroxides under aerobic conditions (Søndergaard et al.,
2003) and partially fluxes into the water column. Under anaerobic con-
ditions in the overlying water the oxyhydroxides are reduced and dis-
solve, releasing their sorbed P (Boström et al., 1998; Mortimer, 1941),
a process that is enhanced in sediments with a low Al/Fe ratio (Loh
et al., 2013). Fluxes under anaerobic conditions are significantly higher
than those under aerobic conditions (North et al., 2015), and oxygena-
tion of the water column, such as during fall turnover, forms ferric
oxyhydroxideswhich scavenge phosphate and return it to the sediment
(Gunnars and Blomqvist, 1997; Hoffman et al., 2013). Recently, Orihel
et al. (2015) have suggested that polymixis can release P from iron
poor sediments lowering nitrogen to phosphorus ratios (N:P) and stim-
ulating cyanobacterial blooms, a process they term the “nutrient pump.”
However, in western Lake Erie Microcystis blooms are of concern, and
they require higher N and higher N:P ratios than N-fixers (Reynolds,
2006). Blooms in western Lake Erie tend to occur when the total nitro-
gen (TN) to TP ratio is 25–100 (molar ratio) (Chaffin et al., 2013). Oxy-
gen isotopes of dissolved phosphate have been used to identify
potential sources for phosphate in the water column, and Elsbury
et al. (2009) suggested that one source in Lake Erie may be the release
of phosphate from sediments during anaerobic events.

Western Lake Erie is relatively shallow, averaging 7.3mmean depth,
and consequently thewater column is regularly mixed and oxygenated,
and bottom sediment is regularly resuspended. Although there is some
P associated with the sediment particles, the particles do not remain in
suspension very long. Under these aerobic conditions, little P would be
expected to be released to the water column in the manner described
by the Orihel et al. (2015) nutrient pump model, so that resuspension
provides only a minor contribution of P to the water column. Converse-
ly, the degradation of organic matter in anaerobic sediment would be
expected to release dissolved, highly bioavailable P into the sediment
pore waters where it will diffuse out of the sediment and into the
water column, although as noted above some of this regenerated P
will be retained in aerobic surface sediment. Here we refer to this diffu-
sive flux of P from the sediment to thewater as internal loading, and al-
though there may be an additional, small internal loading contribution
from resuspended sediment and a small removal of P by sediment depo-
sition we do not consider those processes here.

There are a number of different techniques that have been employed
to quantify this internal loading of P. For example, using biogeochemical
modeling, Canavan et al. (2006) found that ~56% of the TP deposited on
the sediment of Haringvliet Lake (the Netherlands) was returned to the
overlying water through diffusion and bioirrigation (the pumping of
pore water by benthic macroinvertebrates through their burrows).
Nürnberg et al. (2013) using hypolimnion TP concentration changes
and Loh et al. (2013) using core incubations estimated the internal P
loading in Lake Simcoe (Ontario) to be 45 to 89% of the external load.
James (2012) incubated intact sediment cores from Lake of the Woods
(Minnesota) under both aerobic and anaerobic conditions and found
that the diffusive P flux ranged from 8.3 to 12.5 mg P/m2/day under an-
aerobic conditions and from 0.2 to 0.6 mg P/m2/day under aerobic con-
ditions. He concluded that the diffusive flux can represent an important
contribution to the P budget of those lakes. The benthic P flux as a func-
tion of bottom water oxygen concentrations has also been measured
using in situ bottom chambers (Noffke et al., 2012). Together, these
studies build a strong case for the importance of internal P loading to
a variety of lake systems. However, the comparability of the various
measurement methods remains unclear as each method is applied at a
different scale and involves trade-offs between precision, control, and
removal from natural conditions. In addition, these methods do not
measure all the same processes involved in the internal loading of P in
the lake. For example, core incubations and bottom chambers do not
completely eliminate phytoplankton or microbial P uptake during incu-
bation nor do they include resuspension or deposition fluxes, so those
methods effectively measure a net diffusive P flux. Conversely, methods
that calculate fluxes from pore water concentration gradients calculate
a gross diffusive P release rate because they do not account for any bio-
logical, mineralogical, resuspension, or deposition processes at the sed-
iment surface on in the water column. There is not yet a scientific
consensus on the most accurate method to measure the diffusive P
flux, and furthermore, contrasting the results from various methods
(for example, aerobic vs. anaerobic conditions) can lead to important in-
formation on system response to varying natural conditions.

Thepurpose of this paper is to quantify and compare estimates of the
internal loading of P to the water column in the western basin of Lake
Erie. Three general approaches are used to estimate the internal P load-
ing to thewater column.One approach is to quantify directly the net dif-
fusivefluxof P that is released from the sediment to the overlyingwater.
This approach includes both aerobic and anaerobic incubations ofwhole
cores (James, 2012) and the monitoring of the water encapsulated in
chambers placed on the lake floor (Tenberg et al., 2004).Whole core in-
cubations under anaerobic conditions are of interest because the shal-
low water of the western basin can occasionally stratify for time
periods of up to 5 days and the bottom waters can go anaerobic
(Bridgeman et al., 2006).

A second approach to estimate the internal P loading to the water
column is to measure the phosphate concentrations in the pore waters
near the sediment–water interface and calculate the Fickian diffusional
flux from the sediment to the overlying water. This approach calculates
the gross diffusional P flux from the sediment. The difficulty with
this method is one of obtaining the concentration gradient at the
sediment–water interface because pore waters expressed from
centimeter-scale slices of sedimentmay not provide sufficient accuracy.
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Flux calculations based on pore water concentration gradients are also
dependent on the thickness of the benthic boundary layer, which is dif-
ficult to measure. A much higher resolution concentration profile can
be obtained with a phosphate microelectrode (Ding et al., 2015;
Korostynska et al., 2012; Lee et al., 2009) or a phosphate DGT or DET
gel (Davison et al., 2000), and both electrodes and DET techniques are
employed in this study. In addition, we estimate the flux from cm-
scale expressed pore water measurements of dissolved phosphate.

The third approach to estimate the internal P loading to the water
column uses mass balance and biogeochemical diagenetic models to
estimate the gross diffusive phosphate flux from the sediment. These
models use a variety of techniques to obtain the concentration
gradient at the sediment–water interface, such as 2-layers (aerobic
and anaerobic) (DiToro, 2001) or reactive, multi-component, linked
sediment solids and sediment pore waters (Dittrich et al., 2009; Wang
and Van Cappellen, 1996). Here we apply both a modified version of
the DiToro (2001) model to estimate the P diffusive flux by a mass bal-
ance of the difference between the depositional and burial P fluxes and a
biogeochemical diageneticmodel (Dittrich et al., 2009) to calculate pore
water concentrations and estimate phosphate fluxes.

In this study, we present estimates of the internal diffusive flux of
phosphate calculated using all three approaches: (1) direct net fluxes
determined by laboratory aerobic and anaerobic incubations of
sediment cores and by field-deployed bottom chamber incubations;
(2) Fickian calculations of gross P fluxes determined by phosphate con-
centrations obtained bymicroelectrodes, by discrete sediment porewa-
ters, and by phosphate DETs; and (3) gross fluxes determined by amass
balancemodel and by a biogeochemicalmodel. Of particular note is that
we have applied differentmethods that are frequently employed by dif-
ferent researchers and in different locations in order to compare them to
each other and to obtain better estimates of basin-wide P fluxes and
their variability. As such, we have pooled the data sets so not all
methods were conducted at all locations or even in the same year.
This obviously can lead to some limitations in interpreting the data,
but we have used multiple methods simultaneously at the same loca-
tion to build confidence in inter-method comparisons and believe that
the benefits of pooling the data sets to obtain a basin-wide perspective
of the P flux from bottom sediments far outweighs the remaining
limitations.

Methods

Core collection and bottom chamber placements

Intact sediment cores 6.5 cm internal diameter (ID) and 50 cm
length were collected from 5 locations near the Maumee River mouth
on June 24, 2013, using a gravity coring device (Aquatic Research Instru-
ments, Hope ID) equipped with an acrylic core liner. The core liners,
containing both sediment and overlying water, were immediately
sealed using rubber stoppers and stored in a covered container on ice
until transport to the laboratory. Similar but not exactly the same
methods were used to collect the cores at the remaining sites.

On July 6, 2013, a 6.7-cm ID core was collected from the R/V Lake
Guardian using a 1.5-m Benthos gravity corer. Upon retrieval, the core
tube was immediately capped and secured with tape. It was stored in
a vertical position in the refrigerator on the ship until transport to the
lab. In the lab, the cap of the core tube was removed to allow oxygen
into the overlying water so that it did not become anaerobic prior to
analysis.

From June 27 through August 4, 2014 ten locations in western Lake
Erie were sampled by divers using SCUBA (Fig. 1). Core tubes 6.7 cm ID
and 15 cm in length were obtained for aerobic (2 cores) and anaerobic
(3 cores) incubations tomonitor the phosphate release from sediments,
for phosphate microelectrode profiling (3 cores), and for phosphate
DETs (2 cores). At 4 additional locations (91M, C40, C5, and 61), cores
were collected from the R/V Lake Guardian by subsampling an Ekman
30 cm × 30 cm box corer with 6.7 cm ID cellulose acetate butyrate
core tubes 15 cm in length. After collection, the cores were capped
and returned to the laboratory and refrigerated with the top caps re-
moved during storage until needed for analysis. At 7 stations (WQ2,
WQ3, WQ6, 3P, NBIw, BIM, and SBI-KI), divers placed chambers on the
lake bottom. One or two chambers were placed at each station about
10 m apart. These chambers were sampled periodically by divers over
1 to 4 days to monitor the oxygen and phosphate concentrations in
the enclosed water. Water samples were returned to the laboratory
for analysis.

Net direct flux measurements

Aerobic and anaerobic incubations
Incubations on cores from the Maumee River dredge disposal area

were conducted at University of Wisconsin–Stout and on cores from
the rest of the Western Basin at Case Western Reserve University and
at the University of Toledo. All core incubations were processed in sim-
ilar but not identical ways. The cores collected near the Maumee River
dredge disposal area were processed as follows. Sediment cores were
carefully drained of overlying water, and the upper 10 cm layer was
transferred intact to a smaller acrylic core liner (6.5 cm ID and 20 cm
height) using a core remover tool. Water collected from the western
basin was filtered through a glass fiber filter (Gelman A-E; 2.0 μmnom-
inal pore size); 300mLwas then siphoned onto the sediment contained
in the small acrylic core liner without causing sediment resuspension.
The sediment incubation systems were placed in a darkened environ-
mental chamber and incubated at a constant temperature for up to
2 weeks. The incubation temperature was maintained at 20 °C to simu-
late average summer temperatures. The oxidation–reduction environ-
ment and the mixing of the overlying water were controlled by gently
bubbling either air (aerobic) or nitrogen (anaerobic) through tubing
placed just above the sediment surface. Anaerobic conditions were ver-
ified using a dissolved oxygen electrode. Water samples for soluble re-
active phosphorus (SRP) were collected at 1- to 3-day intervals over
the entire incubation period. Samples (10 mL) were collected from
the center of each sediment incubation system using a syringe and
immediately filtered through a 0.45-μm membrane syringe filter.
The water volume removed from each system during sampling was
replaced by addition of filtered lake water preadjusted to the proper
oxidation–reduction condition. These volumes were accurately mea-
sured for determination of dilution effects. SRP was measured colori-
metrically using the ascorbic acid method (American Public Health
Association, 1989). Rates of SRP (expressed as P) release from the sedi-
ment (mg P/m2/day)were calculated as the linear time rate of change in
concentration in the overlying water divided by the area of the incuba-
tion core liner as given in Eq. (1):

F ¼ dC=dt�V=A ð1Þ

where

F is the phosphate flux (mg SRP/m2/day),
dC/dt is the time rate of change of the SRP concentration in the

water overlying the sediment (mg SRP/L/day),
V is the volume of water overlying the sediment (L), and
A is surface area of the core exposed to the overlying water (m2).

Fluxes were then converted from phosphate flux (mg SRP/m2/day)
to P flux (mg P/m2/day) by assuming SRP is HPO4

2−, and the results
are reported in Table 1.

For the remaining aerobic incubations of Western Basin cores, two
cores from each sampling locationwere incubated at 23±2 °C. Thema-
jority of thewater in the core tube overlying the sedimentwas removed
and replaced four timeswith bottomwater to a volume of 120mL to re-
move buildup of P. The core was capped, the water was stirred at about



Fig. 1.Map of station locations in the western basin of Lake Erie. Shading shows the contours of the concentrations of total phosphorus in the surface sediments.
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60 rpm 1 cm above the sediment, and oxygen saturation was main-
tained by slowly bubbling air in the overlying water. Aliquots (2.5 mL)
and temperature and oxygen readings were taken at 1 h, 4 h, 6 h, 8 h,
Table 1
Sampling locations and phosphorus fluxes (as P) (mg P/m2/day) obtained by the different tech

Station
name

Date(s)
sampled

Latitude Longitude Depth
(m)

P
(mg/g)

Incubation

Aerobic Anaerob

1d 6/24/2013 41.8049 N 83.2868 W 4.6 0.970 0.16, 0.34 2.41, 3.1
19d 6/24/2013 41.81409 N 83.2825 W 5.8 0.905 0.26, 0.22 7.37, 4.7
20d 6/24/2013 41.81437 N 83.2846 W 5.8 0.945 0.19, 0.31 6.62, 5.4
25d 6/24/2013 41.7754 N 83.3438 W 5.2 0.740 0.56, 1.08 13.29, 12
27d 6/24/2013 41.8214 N 83.1855 W 7.9 0.575 0.83, 0.38 16.73, 20
91Me 7/06/2013 41.841 N 82.916 W 10.3 2.67 0.58
91Mf 7/22/2014 41.841 N 82.916 W 10.3 0.726 0.87, 1.15 4.27, 1.1

1.15
15Df 7/30–8/4/2014 42.033 N 83.153 W 3.0 0.416 1.48
WQ3f 7/31–8/1/2014 41.914 N 83.274 W 5.5 0.089 0.97
WQ2f 7/30–8/4/2014 41.886 N 83.316 W 3.5 0.545
WQ6f 7/30–8/4/2014 41.841 N 83.274 W 6.5 0.783 2.16, 2.91
7Mf 6/27–28/2014 41.733 N 83.297 W 5.5 0.982 0.71 5.00, 27.

3.01
4Pf 6/27–28/2014 41.750 N 83.104 W 9.5 0.647 1.70 1.06, 1.5

7.03
61f 7/22/2014 41.947 N 83.044 W 7.5 0.749 0.65, 0.96

NBIwf 7/14–18/2014 41.750 N 82.884 W 9.0 0.660 0.66
BIMf 7/14–18/2014 41.670 N 82.830 W 9.0 0.385 0.47, 0.74
KI-SBIf 7/14–18/2014 41.621 N 82.747 W 8.5 0.968 0.44, 1.26
C5f 7/22/2014 41.967 N 82.767 W 9.5 0.569 1.90, 1.16 1.18, 1.5

0.64
C40f 7/22/2014 41.933 N 82.718 W 10.5 0.527 1.05, 1.67

a Values in parenthesis are from same core as aerobic incubation.
b Values in italics are from the same core, except that they are facing opposite directions.
c Dittrich et al. (2009).
d Ten-day incubations.
e One-day incubations.
f One-day aerobic, 4-day anaerobic incubations.
and 24 h. The water samples were filtered through a 0.45-μm nylon sy-
ringe filter and analyzed for SRP using the ascorbic acid method
(Strickland and Parsons, 1972), modified for small sample volumes. To
niques.

Bottom
Chamber

P-electrode P-DETa,b Expressed
pore
water

Mass
balance
model

Diagenetic
modelc

ic Aerobic Anaerobic

0
8
2
.88
.78

0.79 4.93 2.38
7, 2.17, 1.72,

(1.95, 1.87)
(0.90)

0.79
0.93, 0.13 5.84, 2.32
2.97, 2.77 (8.26), 2.39

26, 1.89 1.96 1.09, 3.81

5, 1.70, 1.87 0.79

1.75, 3.88,
(2.88, 3.40)

0.09, 0.35 5.65, 2.06
0.16 1.16, 0.60
0.05, 0.22 2.44, 3.23

3, 0.01 2.50 1.47

1.42

Image of Fig. 1
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correct for volumetric changes caused by sample withdrawals, SRP con-
centrations (mg/L) in the core tube are converted to phosphate masses
(mg) bymultiplying by thewater volume at the time of sampling. Phos-
phate mass increased linearly with time during the initial 8 h but
approached an equilibrium concentration after 24 h. Thus, SRP fluxes
(mg SRP/m2/day) were calculated as the slope of the initial linear
increase in phosphate mass with time (mg/day) divided by the cross
sectional area of the core tube (m2) as shown in Eq. (1). Fluxes were
then converted from phosphate mass flux (mg SRP/m2/day) to P flux
(mg P/m2/day) and reported in Table 1.

Anaerobic incubations conducted at the University of Toledo were
completed on cores collected during the summer of 2014 from stations
4P, 7M, 91M, and C5. After collection, cores were stored in a 4 °C fridge
without the caps in order to keep the cores aerobic until needed for in-
cubation. Prior to incubation, the overlying water was removed and re-
placed with 500 mL of lake water filtered through a 0.45-μm filter
(Millipore GWSC 045). Temperature was controlled by placing the
cores in an incubation chamber (Percival E36HO) set at 20 °C where
the cores were incubated for 4 days. The dissolved oxygen in the over-
lying water was maintained at 0 mg/L by gently bubbling nitrogen.
Water samples (10 mL) were taken daily, filtered, and frozen for later
analysis. Dissolved oxygen and temperature of the overlying water
was checked to ensure that the cores were anaerobic and at the desired
temperature. At the end of the incubation, the top 1 cm of the sediment
was extruded and analyzed for organic content by loss on ignition
(Schumacher, 2002). Water samples were analyzed for SRP in accor-
dance to EPA method 365.2. Flux calculations were done in same man-
ner as the other incubations as given in Eq. (1), and the results are
reported in Table 1.

It has been reported that the first 2–3 days of anaerobic incubations
should be excluded from flux calculations (Loh et al., 2013) because of a
change in microbial electron acceptors. The longer anaerobic incuba-
tions (on cores from the Maumee River dredge disposal area) did
show a change after 2 days, so the initial data in those incubations
were excluded from the flux calculations. However, the data from the
4-day incubations presented here are linear over the entire 4-day incu-
bation time indicating that all the data could be used in the calculation
of phosphate fluxes.

Bottom chambers
The bottom chamberswere constructed from 19 gal Sterilite® plastic

containers and measured 2232 cm2 surface area × 19 cm height. The
enclosed water was recirculated through the chamber at a flow velocity
of 1.5 L/min by a DynamaxDM100vvDC pumppowered by a car battery.
With a chamberwater volume of 42.5 L this gives awater residence time
of approximately 28 min. The chambers were inserted by divers using
SCUBA into the bottom to a known depth demarcated by a shelf around
the outside of the chamber. Bottom chambers were sampled by divers
attaching syringes to a valve and withdrawing seven 60–65 mL aliquots
for a total volume of ~435 mL per sample. The withdrawn sample vol-
ume was replaced by water from a loose bag filled with lake water that
collapsed as water was withdrawn from the chamber. This prevented
sediment pore water from being drawn into the chamber during sample
withdrawal. These chambers and ambient lake water near the chambers
were sampled daily by divers for times up to 4 days to monitor the oxy-
gen and SRP concentrations in the enclosed water. Ambient lake water
outside the chambers was sampled by opening an empty 500 mL bottle
and allowing it to fill. Syringes and bottles were returned to the research
vessel and held on ice during transportation to the laboratory. Dissolved
oxygen concentration and water temperature were measured by slowly
ejecting water from a syringe into a 500-mL bottle then inserting the
probe of a calibrated YSI-550A into the bottle.

All water samples were analyzed for both SRP and for TP using EPA
method 365.2. For SRP measurements, samples were filtered through
a 0.45-μm membrane filter within 24 h of collection and analyzed.
For TP measurements, samples underwent a persulfate digestion
and were analyzed by molybdate blue colorimetry using a Seal
AutoAnalyzer 3. Additional detailed standard operating procedures
(SOPs), detection limits, and quality control protocols are given in
the Quality Assurance Project Plan (QAPP) appendices developed
for the Honey Creek Targeted Watershed Project posted online
here: http://www.heidelberg.edu/sites/default/files/dsmith/pdf/
NCWQR%20-%20HC%20TWG%20QAPP.pdf.

Phosphorus fluxes were calculated using Eq. (1). SRP concentrations
(mg/L) in the bottom chamber are converted to masses (mg) by multi-
plying the concentrations by the volume of water (L) in the chamber at
the time of sampling. SRPmass increased linearly with time, permitting
SRPfluxes (mg SRP/m2/day) to be calculated as the slope of the increase
in SRP mass with time (mg/day) divided by the cross sectional area of
the chamber (m2). Fluxes were then converted from phosphate flux
(mg SRP/m2/day) to P flux (mg P/m2/day) by assuming SRP is HPO4

2−,
and the results are reported in Table 1.

Fickian calculations of gross phosphorus flux

Phosphate DET (diffusive equilibrium in thin films)
Phosphate DET samplers consisted of a 4-cm × 10-cm piece of acryl-

amide hydrogel mounted on a 1/32″-thick impact modified acrylic
(ePlastics.com) backing plate and protected from physical damage by a
0.45-μm hydrophilic polyethersulfone membrane filter (STERLITECH.
com). The front face of the sampler consisted of an acrylic front plate
with a 4-cm × 10-cm exposure window, and the whole assembly was
held together by nylon screws. The hydrogel casting solution was pre-
pared following the method described by Jézéquel et al. (2007), except
the amount of TEMED was reduced to 25 μL. The mixture was pipetted
between glass plates of a gel caster (GE Health Sciences) and allowed
to set at 37 °C for about 10 min. The gels were rinsed off and soaked in
deionized water (DI) with at least 3 complete water changes prior to
use. The gel samplers were inserted into a sediment core tube and
allowed to equilibrate with overlying and pore water overnight at
17± 1 °C. The cores were uncapped to keep the cores aerobic, but no ac-
tive aeration through bubblingwas provided. “Staining gels” consisted of
4 cm × 10 cm pieces of hydrogel soaked for 2–2.5 h in color developing
reagent, prepared according to the ascorbic acidmethod for colorimetric
SRP determination (American Public Health Association, 1989). Upon re-
trieval, the DET samplers were briefly rinsed with DI and then
disassembled to recover the gels (“sample gels”). The sample gels were
placed on a glass sheet, overlaid with staining gels, then covered with a
transparency sheet and taped around the edges to minimize evapora-
tion. Thewhole assemblywas scanned after 21min using a conventional
flatbed scanner. Gel calibration standards were prepared using
3 cm × 3 cm pieces of hydrogel equilibrated overnight in standard solu-
tions and subsequently treated the sameway as the sample gels. The im-
ages were processed and calibrated using ImageJ 1.48v and Microsoft
Excel to obtain depth profiles of phosphate concentration. Since the sed-
iment–water interface is not perfectly flat, the profiles could not be hor-
izontally averaged. Instead, 9 vertical profiles were obtained from each
image by analyzing narrow rectangular sections (slices) totaling 18% of
the picture width. SRP flux through the sediment–water interface was
calculated assuming Fickian diffusion using Eq. (2) (Boudreau, 1996):

F ¼ −
φ � D0

θ2
∂C
∂z

ð2Þ

where

F is the SRP flux (mg SRP/m2/day),
φ is the sediment porosity (dimensionless),
D0 is the solute diffusion coefficient for di-hydrogen phosphate

at 18 °C (7.15 × 10−6 cm2/s; Li and Gregory, 1974;
6.18 × 10−5 m2/day),

θ is the sediment tortuosity (dimensionless),

http://www.heidelberg.edu/sites/default/files/dsmith/pdf/NCWQR%20-%20HC%20TWG%20QAPP.pdf
http://www.heidelberg.edu/sites/default/files/dsmith/pdf/NCWQR%20-%20HC%20TWG%20QAPP.pdf
http://ePlastics.com
http://STERLITECH.com
http://STERLITECH.com
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C is the solute concentration (mg/L) phosphate, and
z is depth (m).

Tortuosity was calculated using the equation (Boudreau, 1996):

θ2 ¼ 1− ln φ2� � ð3Þ

The SRP concentration gradient at the sediment surface, ∂C∂z
��
z¼0

, is the
slope of the line fitted to the topmost linear part of the concentration vs.
depth data (typically 4 mm or less). The value of the gradient for each
sample was calculated as the mean of the slopes obtained from the 9
rectangular slices. Fluxes were then converted from phosphate flux
(mg SRP/m2/day) to P flux (mg P/m2/day) by assuming SRP is HPO4

2−

and the results are reported in Table 1.

Phosphate microelectrode
A phosphate microelectrode is not yet commercially available, and

therefore its fabricationwas necessary. A phosphate-sensitive potentio-
metricmicroelectrode is constructed from cobaltwire oxidized to cobalt
oxide. Phosphate ions in solution reactwith the cobalt oxide and a phos-
phate precipitate will be formed at the electrode surface depending on
the pH (Eqs. (4)–(6)):

3CoOþ 2H2PO
−
4 þ 2Hþ↔Co3 PO4ð Þ2 þ 3H2O at pH 4:0 ð4Þ

3CoOþ 2HPO2−
4 þH2O↔Co3 PO4ð Þ2 þ 4OH− at pH 8:0 ð5Þ

3CoOþ 2PO3−
4 þ 3H2O↔Co3 PO4ð Þ2 þ 6OH− at pH 11:0 ð6Þ

The potential changes due to these reactions can be converted to
phosphate concentrations (Ding et al., 2015; Xiao et al., 1995).

A section of cobalt wire (0.1 mm diameter, 99.99% pure, Sigma
Aldrich) was cut and inserted into a pulled glass micropipette (OD:
1.2 mm, ID: 0.69 mm, 15 cm length; Sutter Instrument Co.). The micro-
pipette was then melted using a heating filament (Sutter Instrument
Co.) to seal the cobalt wire in the glass micropipette. After that, the mi-
croelectrode tip was beveled using a diamond abrasive plate (Sutter In-
strument Co.) to a 45° angle to expose the cobalt surface. Finally, the
microelectrode was connected to a copper wire using bismuth alloy
(44.7% bismuth, 22.6% lead, 19.1% indium, 8.3% tin, and 5.3% cadmium)
(Lee et al., 2009). The microelectrode is then immersed in DI water to
form a cobalt oxide (CoO) layer on the tip of the surface. To measure
sensor responses to phosphate ion concentrations, the potential be-
tween the fabricated microelectrode and the reference microelectrode
(Ag/AgCl reference mini-electrode, MI-401; Microelectrodes Inc.) was
monitored using a millivolt meter (Model 250, Denver Instrument).
After the potential stabilized, the microelectrode was removed from
the DI water and immersed into a potassium phosphate (KH2PO4,
10−4 M) solution at pH 7 until obtaining a new stable potential. After
finishing pretreatment, the microelectrode was calibrated using phos-
phate standard solutions with concentrations ranging from 10−1 M to
10−8M (KH2PO4). If stable signalswere not observed from theprepared
microelectrode, a new microelectrode was prepared.

Phosphorus fluxes under both aerobic and anaerobic conditions
were calculated assuming Fickian transport across a boundary layer.
The calculation is based on an assumption that the flux (Jf ,Xs

) of phos-
phate diffusing from the sediment to the surface of the sediment is
equal to the phosphate flux (JW ,Xs

) across the surface bulk solution
(Lee and Bishop, 2009; Lewandowski and Beyenal, 2014):

J f ;Xs
¼ Df

dC
dx

� �
f ;Xs

¼ Dw
dC
dx

� �
w;Xs

¼ Jw;Xs
ð7Þ

where

Jf,Xs is the flux of phosphate from the sediment to the surface,
Df is the phosphate diffusivity in sediment,
(dC/dx)f,Xs is the concentration gradient in the boundary layer below

the sediment surface,
Dw is the phosphate diffusivity in the bulk water

(7.5 × 10−6 cm2/s at 20 °C; Krom and Berner, 1980), and
(dC/dx)w,Xs is the concentration gradient in the boundary layer above

the sediment surface.

The solution to this is given by Lee and Bishop (2009) as follows:
In bulk solution,

dC
dx

� �
W;Xs

¼ B Cs−Cbð Þ ð8Þ

−B x−xsð Þ ¼ ln 1−
C−Cs

Cs−Cb

� �
ð9Þ

where

xs is the sediment surface = 0 cm,
x is local depth (cm),
Cs is the SRP concentration at the surface (mg/L),
C is the local SRP concentration (mg/L), and
Cb is the stable SRP concentration in bulk water, and
B is a constant.

In this work fluxes were calculated from the measured SRP concen-
tration at the sediment surface and in the bulk water using Eq. (7). First
the coefficient “B”was obtained using Eq. (9). That value was substitut-
ed into Eq. (8) to obtain the concentration gradient, and then the
value for the gradient was substituted into Eq. (7) and multiplied by
Dw to obtain the flux. Fluxes were then converted from phosphate flux
(mg SRP/m2/day) to P flux (mg P/m2/day) by assuming SRP is HPO4

2−

and the results are reported in Table 1.

Expressed pore water samples
Expressed pore waters were obtained from only one core at Station

91M in 2013. The core was extruded in 2 cm sections and the sediment
placed in a Reeburgh-type squeezer in a nitrogen-filled glove box. Nitro-
gen gas pressure pushed down onto a latex sheet, which covered the
sediment and forced the porewater through a 0.22-μmmembrane filter
and the water collected into a 4-oz polypropylene bottle. Soluble reac-
tive phosphorus was determined within 24 h on a 5-mL aliquot using
the ascorbic acid method (Strickland and Parsons, 1972), modified for
small sample volumes. The phosphate flux was calculated using the
concentration gradient obtained from the top 2 samples and assuming
Fickian diffusion using Eq. (2). Fluxes were then converted from phos-
phate flux (mg SRP/m2/day) to P flux (mg P/m2/day) by assuming SRP
is HPO4

2− and the results are reported in Table 1. The pore water and
bulk sediment chemical concentrations, including the phosphate data,
obtained from this core were also used in the mass balance model and
in the biogeochemical model.

Modeling techniques for gross phosphorus flux

Mass balance model
Themass balancemodelwas based onDiToro (2001)where the sed-

iment column is represented as two layers each characterized by specif-
ic organic matter diagenetic mineralization. However, in the method
employed here the diagenetic production of P, Jp,d, is calculated simply
as the difference between the depositional flux of organic P and the
burial flux of organic P. The flux of P from the sediment to the overlying
water, Jp,s-w, is then calculated by subtracting the burial flux of P from
the diagenetic production of P. This simplified model assumes a
steady-state balance between mineral precipitation and/or sorption of
phosphate onto sediment particles such as iron or manganese oxides
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or calcite and by the dissolution of those solids upon burial. The P flux
from the sediment is given by the mass balance in Eq. (10):

Jp;s−w ¼ Jp;d–ω PO4½ � ð10Þ

where

Jp,s-w is the flux of P from the sediment to the overlying water
(mg P/m2/day),

Jp,d the diagenetic production of dissolved P (mg P/m2/day), cal-
culated as the difference between the organic P concentration
at the top of the core (mg P/g sed) minus the organic P con-
centration at the bottom of the core (mg P/g sed) times ω,
the mass sedimentation rate (g sed/m2/day),

ω is the mass sedimentation rate calculated from the depth of
the 137Cs maximum in the core (=0.178 g/cm2/year at Sta-
tion 91M), and

[PO4] is the dissolved phosphate concentration (mg SRP/L) that is
buried at depth in the core, converted to P concentration (mg
P/g).

Fluxes (mg P/m2/day) were then reported in Table 1.

Diagenetic model
A 1-dimensional Aquasim non-steady-state transport reactive model

for sediment diagenesis of solid and dissolved substances was imple-
mented in a new sediment compartment available in version 2.1e of
the computer program Aquasim (Dittrich et al., 2009; Reichert, 1994),
designed for simulation and data analysis of aquatic systems. This pro-
gram solves the partial differential Eqs. (11) and (12) by firstly
discretizing their spatial derivatives and then numerically integrating
the resulting system of ordinary differential equations in time with the
DASSL implementation (Petzold, 1983). The identifiability analysis was
performed with the IDENT package (http://www.aquasim.eawag.ch).

Briefly, the two following differential equations are used to describe
the vertical profiles of biogeochemically reactive solids and solutes:

∂ θSið Þ
∂t

¼ ∂
∂z

DB
∂ θSið Þ
∂z

þ θDSi
∂Si
∂z

� �
þ rSi−abioirrig�θ� Si−Si

SWI
� �

ð11Þ

∂ Xið Þ
∂t

¼ −
∂ vsedXið Þ

∂z
þ ∂
∂z

DB:Xi

∂Xi

∂z

� �
þ rXi

ð12Þ

where

Xi is the concentration of particulate substance i in the sedi-
ments (mass per total sediment volume; kg/m3),

Si is the concentration of dissolved substance i in the sediment
pore water (mass per pore water volume; kg/m3),

Si
SWI is the concentration of dissolved substance i in the water col-

umn at the sediment–water interface (kg/m3),
t is time (days),
z (m) is depth within the sediment (zSWI = 0 at the sediment sur-

face, positive downward),
DSi is the molecular diffusion coefficient of dissolved substance i

(m2/day),
vsed is the velocity ofmovement of the solid phase of the sediment

relative to a coordinate systemwith an origin at the sediment
surface (m/day),

DB is the bioturbation coefficient (m2/day),
DB,Xi is the effective diffusion coefficient of particulate substance i

(m2/day),
rSi is the total transformation rate of dissolved substance i (mass

per total sediment volume and time; mg/L/day),
rXi is the total transformation rate of particulate substance i

(mass per total sediment volume and time; mg/L/day), and.
θ is the porosity of the sediments.
Once the vertical concentration profile of phosphate was obtained,

the phosphate concentration gradient at the sediment–water interface
was used to calculate the phosphate flux according to Eq. (2). Fluxes
were then converted from phosphate flux (mg SRP/m2/day) to P flux
(mg P/m2/day) by assuming SRP is HPO4

2− and the results are reported
in Table 1.

Statistical analyses

Correlation between fluxes measured by different methods and be-
tween fluxes and sediment P concentration was assessed by Pearson's
product–moment correlation coefficient, r. One-way ANOVA was used
to test the differences in flux estimates obtained (1) by different
methods used in this study and (2) from different sediment sampling
stations (spatial variability). A one-sample t-test was used to calculate
the basin-wide mean SRP flux under aerobic and anaerobic conditions.
The data were tested for normality and homoscedasticity prior to any
further parametric tests. When needed, a Box–Cox procedure was
used to transform the data. All statistical analyses were conducted
using Minitab 16. Statistical significance was assessed at the α = 0.05
level.

Results

The TP concentrations in surface sediment samples from eighteen
locations are mapped in Fig. 1 where contours of TP concentration
were calculated using the “natural neighbor” option in ArcGIS, which in-
terpolates a raster surface from discrete points. The data indicate that
the sediments have TP concentrations that range from a low of about
0.1 mg TP/g along the western, Michigan shoreline to almost as high
as 1 mg TP/g near the Maumee Bay. This distribution suggests that
much of the P in the sediments reflects the source of the P to the west-
ern basin: the low concentrations are near the Detroit River discharge
and the high concentrations are near the Maumee River discharge
(Ohio EPA, 2010).

Estimates of the flux of P from the sediments obtained by aerobic
and anaerobic incubations, in situ bottom chambers, phosphate DET
gels, phosphate microelectrodes, expressed pore waters, and from the
diagenetic and mass balance models are summarized in Table 1. At
most locations fluxes were measured in duplicate or triplicate. Incuba-
tion results, shown in Fig. 2 show that concentrations of SRP increased
linearly with time for times ranging from 8 h (aerobic incubations) to
4 to 10 days (anaerobic incubations). Phosphorus fluxes ranged from a
low of 0.16 mg P/m2/day at Station 1 under aerobic conditions to a
high of 27.26 mg P/m2/day at 7M under anaerobic conditions. There
was no statistical difference between aerobic incubation fluxes between
cores from 2013 and 2014 collections (α=0.05, ANOVA, Tukey test), so
the data from 2013were combined with the data from 2014. The fluxes
did not appear to be correlated with TP concentrations in the surface
sediment (r = −0.282, p = 0.272), although there is a correlation be-
tween TP and anaerobic incubation P fluxes at 30 °C (but not at 20 °C,
data not shown).

It has been suggested that under anaerobic conditions P release rates
increase after a couple of days, possibly because of sulfate reduction, so
that the data from the first couple of days need to be excluded (Loh
et al., 2013). There may be some evidence for this in the longer incuba-
tion data, so in those cases, the data from the first day or sowere exclud-
ed from the calculation of the release rate for both aerobic and anaerobic
incubation conditions (Fig. 2). However, the 4-day anaerobic incubations
show no evidence for this, so all data were used to determine the release
rate (Fig. 2). There was no statistically significant difference in the aver-
age P flux obtained from the 4-day and the 10-day anaerobic incubations
(p=0.25, 2-sample t-test), although these data were obtained at differ-
ent locations. The average anaerobic flux was 4.57 ± 4.87 mg P/m2/day
in the 4-day incubations vs. 9.34 ± 6.48 mg P/m2/day in the 10-day

http://www.aquasim.eawag.ch


Fig. 2. Release of soluble reactive phosphorus (SRP) to the overlying water during
incubation experiments. Top: aerobic incubation experiments from Stations 7M, 4P,
91M, and C5 conducted over 1 day. Center: anaerobic incubation experiments from
Stations 7M, 4P, 91M, and C5 conducted over 4 days. Bottom: aerobic and anaerobic
incubation experiments from Station 20 conducted over 10 days. Shown are regressions
through linear portions of the data that were used to estimate the rate of phosphorus
release from sediment.

Fig. 3. Soluble reactive phosphorus (SRP) (circles, left axis) and dissolved oxygen (squares,
right axis) concentrations versus time in a bottom chamber. In situ fluxes were calculated
by volume correcting the SRP concentration versus time slopes to mass per time and
dividing by the cross sectional area of the bottom chamber. Data from station WQ6.
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incubations (unless otherwise stated, the uncertainties denote 1 stan-
dard deviation). Aerobic incubations are not subject to this change in
chemistry that affects the P release rate. Although some incubations
were relatively short (1 day), the data were very linear over the first
8 h so that data were used to calculate the rate of P release (Fig. 2). The
average fluxes from the 1- and 10-day aerobic incubations were
1.30 ± 0.68 and 0.43 ± 0.27 mg/P/m2/day, respectively, and the differ-
ence between them was statistically significant (p = 0.001, 2-sample t-
test); however, the measurements came from different locations in the
lake. There is, as expected, a large difference between the aerobic and an-
aerobic incubations (average flux in aerobic incubations was 0.98 ±
0.78mgP/m2/day vs. 6.56±6.05mg P/m2/day in anaerobic incubations;
p = 0.001, 2-sample t-test). Fluxes under anaerobic conditions were 4–
13 times greater than those under aerobic conditions when compared
at the same locations. This is in agreement with other, recent findings.
For example, North et al. (2015) reported fluxes under anaerobic condi-
tions were about 9 times higher than those under aerobic conditions in
Lake Diefenbaker.

In the bottom chambers the concentrations of SRP increased
linearly with time over the sampling period and the dissolved
oxygen concentrations decreased linearly with time over the first day
or two and then decreased more slowly (Fig. 3), although none of the
chambers went anaerobic during the sampling period. Measured P
fluxes ranged from a low of 0.05 mg P/m2/day at KI-SBI to a high of
2.97 mg P/m2/day at WQ6. The fluxes do not appear to be related to
TP concentrations in the sediment (r = 0.181, p = 0.697). However,
the fluxes estimated by aerobic incubations and from bottom chambers
appear to be well correlated with each other (r = 0.988, p = 0.000, al-
though n, the number of comparisons, is only 6). For example, station
WQ6 exhibited the highest aerobic incubation flux and the highest bot-
tom chamber flux and station KI-SBI had the lowest aerobic incubation
flux and the lowest bottom chamber flux. In addition, WQ6 exhibited
the second highest sediment oxygen demand (SOD) (data not shown
in Fig. 3) supporting the correlation between SOD and phosphate flux il-
lustrated in Fig. 3.

Representative SRP microelectrode profiles for a sediment sample
collected from location C5 are shown in Fig. 4. Under aerobic conditions,
the phosphate concentrations were ~0 mg/L SRP in the overlying water
and at the sediment surface, whereas under anaerobic conditions the
SRP concentrations were 0.73 mg/L and 2.1 mg/L in the overlying
water and at the sediment surface, respectively. These concentration
profiles permit estimation of the concentration gradient in the diffusive
boundary layer and calculation of the flux of SRP from the sediment into
the overlyingwater. The fluxeswere calculated from the concentrations
in the overlying water and at the sediment–water interface assuming
Fickian diffusion across the sediment–water interface according to
Eqs. (7)–(9) as described in the Methods, and the results are given in
Table 1. The calculated fluxes are in the range of those obtained using
other techniques, although there are only 3 values for comparison.

A representative phosphate DET gel, from StationWQ2, is shown in
Fig. 5. The hydrogel with colorimetrically developed color was scanned,
calibrated, digitized, and artificially colorized and is shown in the left
panel. It is apparent that the phosphate concentrations in the aerobic
overlying water are lower than those in the anaerobic sediments. It is
also apparent that the phosphate concentrations are highly variable
within the sediments varying by as much as 12 mg/L over a distance
of less than 1 cm. The sediment–water interface, which was not flat, is
sketched in with a white dashed line to permit easier observation. Be-
cause of these variations in concentration and in the position of the sed-
iment–water interface, 9 vertical sections were taken and converted to
1-dimensional profiles to permit determination of the concentration
gradients (right panel). The dashed lines are linear fits to the topmost
few mm of the concentration profiles, for clarity shown only for slices
1 and 3. The slopes of the lines represent the SRP concentration gradient
used to calculate fluxes assuming Fickian diffusion across the sediment–
water interface according to Eq. (2) and as described in the Methods,
and the results are given in Table 1. Calculated fluxes ranged from a
low of 0.60 mg P/m2/day at Station BIM to a high of 8.26 mg P/m2/day

Image of &INS id=
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Fig. 4. Representative SRP concentration profiles collected from location C5 using the P-
electrode for a sediment sample under both aerobic and anaerobic overlying water
conditions.
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at Station WQ6. There is no correlation between the fluxes calculated
from aerobic incubations and from the DET gels (r = 0.376, p =
0.284), although both methods report their average highest fluxes at
Station WQ6 and their average lowest fluxes at Station BIM. The DET
gels may be better correlated with the anaerobic incubation fluxes
(r = 0.924, p = 0.250, but n is only 3).

The calculated flux using the uppermost two expressed pore water
concentrations at station 91M was 0.79 mg P/m2/day (Fig. 6, left
panel), within the range reported by the other methods (Table 1), al-
though there is only 1 value for comparison.

The mass balance model is based on the concept that the diagenetic
loss of organic P upon burial (Fig. 6, center panel) results in a release of
dissolved phosphate that can either be buried or will diffuse back into
the water column (Fig. 6, right panel). The flux of P from the sediment
Fig. 5. Left panel: calibrated and colorized diffusive equilibrium in thin films (DET) gel
illustrating the distribution of SRP near the sediment–water interface and location of the
9 rectangular slices of the image used to obtain concentration vs. depth profiles. Dashed
line indicates sediment–water interface. Right panel: SRP concentration vs. depth
profiles obtained for 9 slices of the same DET gel. Data from WQ2.
to the overlying water, Jp,s-w, is calculated from the difference between
the depositional flux of organic P and the sum of the burial fluxes of or-
ganic P and dissolved phosphate. This method assumes that the precip-
itation of any P-bearing mineral phase in the surface sediment is
matched by dissolution of the phase below such that there are no reac-
tions that retain a portion of the released phosphate. As such, the calcu-
lated flux, 4.93 mg P/m2/day at Station 91M, is in the range of both the
anaerobic incubations and aerobic incubations (Table 1).

The sediment pore water chemistry and sediment solids fit the stan-
dard diagenetic model in which oxygen, nitrate and other electron ac-
ceptors are sequentially reduced and organic matter is oxidized
liberating nutrients such as phosphate and ammonium to the pore
water. These reactions have been simulated using the model of
Dittrich et al. (2009), and the results are shown in Fig. 7. Aerobic respi-
ration causes the rapid consumption of oxygen in the upper centimeter
of the sediment column, and the model captures this rapid decrease in
oxygen concentration although the model extends the zone of aerobic
respiration to a depth of about 3 cm. Phosphate concentrations show
some scatter, but themodelfit describeswell the general down-core de-
crease in concentrations. The diagenetic reactions oxidize organic car-
bon and the model approximates well the values of these data. pH is a
very sensitive indicator of all the reactions occurring in the sediment,
and the model describes well the surface decrease in pH from about
7.8 to 7.3. The P flux from the sediment calculated from the model is
2.38 mg P/m2/day (Table 1), and it agrees reasonably well with the
fluxes obtained from other methods, although this is the only station
for which a comprehensive pore water and sediment solids data set
was obtained permitting diagenetic modeling.

Analysis of multiple cores collected at the same sampling station
(within a fewmeters apart) reveal up to 4-fold differences in calculated
fluxes, indicating strong spatial variability of SRP gradients near sedi-
ment–water interface. For example, DET-calculated fluxes for duplicate
cores from the station NBIwwere 5.56 and 2.06 mg/m2/day, and dupli-
cate cores measured by aerobic incubations at station KI-SBI are 0.44
and 1.26 mg/m2/day. Moreover, analyses of the standard deviation
(SD) of (1) the average fluxes obtained by different methods for each
station and (2) the average fluxes obtained from different stations
using the same method revealed that there is no more variability be-
tween the stations (SD=1.16mgP/m2/day) than there is between par-
ticular methods for each station (SD = 1.13 mg P/m2/day). Due to the
strong core to core variability of the flux, comparisons of average fluxes
for particular stations and their relative locations in thewestern basin of
Lake Erie are not possible. A comparison of all derived fluxes from all lo-
cations is given in Fig. 8. To prepare the summary in Fig. 8, all fluxes in
Table 1 from any one method at any one location were averaged and
their standard error calculated and those values are plotted adjacent
to similarly calculated values for all methods. Immediately apparent
fromFig. 8 is that in 10of 11 cases themeasuredfluxes in anaerobic con-
ditions were higher than those obtained under aerobic conditions. Be-
cause the western basin of Lake Erie is shallow and well mixed,
anaerobic conditions are not expected to persist for periods of time lon-
ger than about 5 days (Bridgeman et al., 2006), thus anaerobic fluxes are
not expected to contribute significantly to the total annual flux.

Among methods under aerobic conditions the DET stands out as
yielding the highestfluxes, although atmany locations theDET generat-
ed fluxes are comparable to those from other methods. Fluxes
determined from the bottom chambers are comparable to those deter-
mined in the aerobic incubations, although they are slightly lower ex-
cept in one case. Fluxes under aerobic conditions at the eastern and
northern sites are lower than those at the southwestern sites near the
Maumee River discharge.

Discussion

We have used a variety of methods to estimate the flux of P from
sediment to the water column, and each method has it uncertainties.
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Fig. 6. Left panel: Expressed pore water soluble reactive phosphorus (SRP) concentration profile used to calculate the SRP flux assuming Fickian diffusion across the sediment–water
interface. Center panel: phosphorus fractions in sediment solids. The organic bound fraction is used in the calculation of the phosphorus flux using the mass balance model (Eq. 10).
Right panel: schematic illustrating the mass balance model.
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Fluxes obtained directly, such as by incubation or with the bottom
chamberswhichwere not opaque, probably underestimate thediffusive
flux of phosphate because of algal and/or microbial uptake during incu-
bations. Additionally, P released into the water column in core tubes or
plastic bottom chambers may be subject to significant sorption; for ex-
ample, Holdren and Armstrong (1980) measured a 61% loss of P in just
1 day, and a 90% loss in a 4-day experiment with acrylic plastic. On the
other hand, fluxes obtained by Fickian diffusion calculations, such as the
DET, expressed pore water, and the P-electrode, are subject to uncer-
tainty due to the assumption that transport is controlled only by Fickian
diffusion between the pore water and the overlying water, which may
not be true for such a complex and dynamic system like the lake bottom,
particularly in thepresence ofwave action in shallowbasins. Concentra-
tion gradient-based flux calculations are also influenced by the choice of
the depth interval used and limited by the spatial resolution of themea-
surement method. For example, pore water expressed at 0.5 or 1 cm in-
tervals may not adequately describe the gradients at the sediment–
water interface or in the diffusive boundary layer, which is typically
less than 1mmthick (Wang et al., 1982).While each oneof themethods
has its limitations and difficulties and the “true” value of the flux is not
known, by combining together the values from different methods, we
are able to effectively bracket the range of the most probable SRP flux.
However, if a person wanted to use only one method to obtain an esti-
mate of the flux, our recommendation would be core incubations be-
cause (1) they are a direct measurement (not calculated) of the SRP
accumulation in the water column, (2) they represent the average
from the entire surface of the core which partially eliminates the effect
of the strong spatial variability of exchangeable phosphate in sediment,
and (3) they are easier to measure than bottom chambers but offer
comparable results.

From thedata in Table 1, thefluxes fromany onemethod at each sta-
tion (replicate measurements) were averaged and then the fluxes from
all methods at each station were equally weighted to obtain an average
flux at that location. These station averages were then averaged across
all stations to obtain an estimate of the summertime average basin-
wide aerobic and anaerobic fluxes. The average summertime aerobic P
flux was 1.35 mg/m2/day, with a 95% confidence interval of 0.95 to
1.79 mg/m2/day, and the average summertime anaerobic P flux was
6.01,with a 95% confidence interval of 1.84 to 8.18mg/m2/day. On aver-
age, fluxes under anaerobic conditions are 4 to 13 times larger than
those under aerobic conditions, in agreement with the ~9 times higher
values reported by North et al. (2015) for Lake Diefenbaker. Suppressed
P accumulation in the overlying water column under aerobic conditions
is consistent with the classic Mortimer (1941) model of coupled Fe-P
chemistry. Under this scenario, Fe is in an oxidized state as a ferric
oxyhydroxide (FeOOH) in the aerobic sediment microzone (i.e., the
thin aerobic surface sediment layer often less than 1 mm in thickness)
and strongly adsorbs P, resulting in very limited P diffusion into the
overlying water column. The greater flux under anaerobic conditions
is probably related to microbial reduction of Fe under anaerobic condi-
tions, desorption of P into porewater, and subsequent diffusion into the
overlying water column. Aerobic conditions at the sediment–water in-
terface probably dominate redox chemistry in the western basin be-
cause of the shallow, mixed environment, but this process may still
have some importance there since the shallow water of the western
basin can occasionally stratify for time periods of up to 5 days and
the bottom waters can go anaerobic (Bridgeman et al., 2006). Although
P release is much lower under aerobic conditions, sediments still ap-
peared to represent a potentially important direct source of P for algal
assimilation.

Because iron oxyhydroxides are one of the major constituents in
sediment responsible for SRP binding, it was hypothesized that DET
images of dissolved iron (II) would be directly correlated to SRP distri-
bution, due to the fact that reduction of strongly sorptive iron precipi-
tates should release bound P. However, no such correlation was
observed (images not shown). Generally, the cores with high concen-
tration of iron also have a significant amount of SRP, but there are also
cores with high iron concentrations and low SRP concentrations
(e.g., 91M) and cores with low iron concentrations and high SRP con-
centrations (e.g., NBIw). More detailed analysis of the regions of high
and low analyte concentrations failed to show either a direct or an in-
verse correlation between iron (II) and SRP. We interpret this to mean
that reduction of iron oxyhydroxides to iron (II) and simultaneous re-
lease of the bound fraction of SRP is not the main process controlling P
release to western Lake Erie as measured by any of the methods under
aerobic conditions. This is consistent with the conclusions of Moore
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Fig. 7. Porewater and sediment concentrations andmodel fits from Station 91Musing the
biogeochemical model of Dittrich et al. (2009). SRP fluxes were calculated assuming
Fickian diffusion across the sediment–water interface.
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et al. (1998)who suggested that it is not the diffusion from reduced sed-
iments but rather precipitation and sorption in the surficial oxidized
sediment layer that is responsible for P retention or release.

Comparison of sediment P concentrations and aerobic SRP fluxes
suggests that there is no statistically significant correlation between
the overall SRP flux and total sediment P (r = − 0.008, p = 0.976).
This is consistent with the findings of Jensen et al. (1992) who found
no correlation between the water total P and the sediment P in Danish
lakes. However, they were able to correlate water total P with sediment
Fe:P ratio, which provides an estimate of the sediment's phosphate
sorption capacity. Also, it must be noted that due to the large standard
deviation the mean aerobic fluxes at a particular station are not statisti-
cally different from each other at the 0.05 significance level (ANOVA,
Tukey test).

Dreissenid populations (zebra and quagga mussels) may be a factor
in the P release rates and station-to-station variability. For example,
Dittrich et al. (2013) hypothesized that dreissenid colonization of
Cook's Bay in Lake Simcoe decreased P retention in the sediment.
Gudimov et al. (2015) modeled the P mass balance in Lake Simcoe
and similarly concluded that the colonization by dreissenids and the re-
cent proliferation of macrophytes appear to have decreased P retention.
At our sites, Stations 1, 19, and 20 did not have visible mussels, but
Stations 25 and 27 did have mussels and the measured fluxes from
the sites with mussels were greater than those at the other sites. This
is true under both aerobic and anaerobic conditions. Dreissenidmussels
are known to release phosphate in addition to sediment diffusive flux
(James et al., 2001), so both lab incubations and bottom chamber results
are affected by their inputs. Anaerobic incubations may have inadver-
tently killed any mussels, resulting in additional P flux. Under aerobic
conditions, mussels can actively recycle P as soluble P and also release
it during periods of starvation and emaciation. The effect of presence
or absence of dressenids between cores 25 and 27, and cores 1, 19 and
20, is difficult to measure due to different sediment compositions at
these locations. Consequently, it is not possible to directly determine
the true diffusive P flux in the western basin due to dreissenid mussel
influences. The burrowing behavior of mayfly nymphs (Hexagenia
spp.) can also increase P concentrations in overlying water at high den-
sities (Chaffin and Kane, 2010), but we did not observe nymphs in cores
and divers could not determine presence of nymphs in bottom cham-
bers. The presence of worm burrows (most likely oligochaetes) was
also observed in some of the cores during DET analysis; however, they
did not correlate with increased P fluxes. There is no clear evidence
for increased SRP flux in the presence of macrobenthos measured in
this study, except possibly at stations 25 and 27. Therefore, we assume
that our measurements of SRP flux do not include the P recycled by
macrobenthos. However, the effects of bioturbation, particularly by
the abundant dreissenids, have to be considered in large scale, basin-
wide models. More details about the effect of dreissenids on SRP in
Lake Erie can be found inKaratayev et al. (2015) and Zhang et al. (2011).

It is possible to use this spatially dispersed sampling to extrapolate
these results to obtain an estimate of the overall basin-wide diffusive
flux of P from sediments. Because thewestern basin of Lake Erie is likely
to be well mixed and aerobic throughout the water columnmost of the
time (MacIsaac et al., 1992;MacIsaac et al., 1999; Zhang et al., 2011),we
based this calculation on the fluxes measured under aerobic conditions
only. It is possible that that this approachmay underestimate the inter-
nal SRP flux by neglecting the potential effect of anoxia and polymixis.
While stratification and consequent anoxia in the bottom waters are
not typical of the western basin of Lake Erie (MacIsaac et al., 1992;
MacIsaac et al., 1999; Zhang et al., 2011), the lake can occasionally strat-
ify for periods of 4 or 5 days, leading to anoxia (Bridgeman et al., 2006).

The P fluxes reported in Table 1 are based on field and laboratory
measurements made during the warmest time of the year, so it is likely
that they overestimate the annual fluxes. High temperatures increase
rates of P regeneration in sediments and increase the diffusion coeffi-
cients. During months with high primary production, increased dead
algal matter on the sediment surface may deplete dissolved oxygen
and decrease the thickness of the oxidized layer at the sediment–
water interface and thereby increase the rate of release of P from
redox-sensitive iron oxides. Dead algal cells have been also shown to
rapidly release SRP, for example, Golterman (1975) observed that up
to 80% of Pwas released as phosphatewithin 3 days after induced autol-
ysis. Thus, algal matter deposited on the sediment surface may become
an additional source of SRP, aside from phosphorus diffusing from the
sediment.

While North et al. (2015) reported that winter values of internal P
flux were about 35% higher than summer values, the majority of the
studies suggest otherwise. For example, the compilation of 29 P release
rates measurements conducted at different temperatures and compiled
by Holdren and Armstrong (1980) shows that the P release rates from
sediments at 7 °C are very low, often close to zero, and sometimes
even negative. A study of 16 Danish lakes conducted by Søndergaard
et al. (1999) suggests even stronger negative P release in sediments dur-
ing winter months, which the author attributes to decreased tempera-
ture and biological activity. Because of the high lake-to-lake variability
of the seasonal changes in SRP release from sediments, it is not possible
to precisely predict the winter fluxes in western Lake Erie based on the
summer flux measurements. However, with the majority of the
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Fig. 8. Summary of summertime P fluxes comparing all methods from all stations. ⁎Data from 2013; all other data from 2014. Standard error shown for thosemethods for which replicate
fluxes were determined.
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reported studies on other lakes concluding lower diffusive fluxes in
winter, we can adjust our measured summertime fluxes to account for
the lower temperatures during the rest of the year to obtain an annual
estimate of the internal flux. Here we assume that the flux is directly
proportional to the diffusion coefficient as described in Eq. (2) and
that the temperature dependency of the diffusion coefficient is well de-
scribed by either the Stokes-Einstein relation as shown in Li and
Gregory (1974) where the diffusion coefficient at 25 °C is 2.19 times
the value at 0 °C or by DiToro (2001) and Testa et al. (2013) where
the diffusion coefficient is temperature corrected by a factor of 1.08(T-
20) where T is the temperature (°C). Assuming an average annual bot-
tom water temperature of 10 °C, then using the Li and Gregory (1974)
correction the annual aerobic P flux would be expected to be about
0.67 times ourmeasured summertime values. This yields amean annual
aerobic flux of 0.91mg P/m2/day with a 95% confidence interval of 0.64
to 1.21 mg/m2/day. The western basin is about 12.8% of the total
25,657 km2 area of Lake Erie, or 3284 km2. Using the average annual
aerobic flux yields a western basin-wide total 808 Mg P/year with a
95% confidence interval of between 768 and 1422 Mg P/year as the
diffusive flux from sediments. Using the DiToro (2001) and the Testa
et al. (2013) temperature correction factor, the annual aerobic P flux
would be expected to be about 0.32 times our measured summertime
values. This yields a mean annual aerobic flux of 0.43 mg P/m2/day
with a 95% confidence interval of 0.30 to 0.56 mg/m2/day for a west-
ern basin-wide total of 378 Mg P/year with a 95% confidence interval
of between 359 and 665 Mg P/year as the diffusive flux from
sediments.

These basin-wide estimates of the annual diffusive P flux are in ex-
cellent agreement with the 484-Mg P/year flux derived using the west-
ern Lake Erie Ecosystem Model (WLEEM) (E. Verhamme, LimnoTech,
personal communication, January 22, 2016). TheWLEEMmodel is a de-
terministic, fine-scale, three-dimensional, linked hydrodynamic-
sediment transport-eutrophicationmodel designed to estimate internal
and external nutrient dynamics within western Lake Erie (Verhamme
et al., 2016). The sediment diagenesis sub-model is based on DiToro
(2001) and Testa et al. (2013) and accounts for spatial differences of
sediment conditions, fluxes of organic P to the sediment, and tempera-
ture changes over the season to correct diffusion rates. For 2014, the av-
erage basin-wide diffusive fluxes of P from the sediments ranged from
0.06mg/m2/day duringwinter months to over 1.25mg/m2/day in sum-
mer months, with an annual average flux of 0.44 mg/m2/day.
Our estimates of the mean annual diffusive P flux ranges from 3% to
7%, depending on the temperature correction, of the 11,000-Mg P/year
IJC target load for P delivery to Lake Erie from external sources, signifi-
cantly less than the 45–89% estimate for Lake Simcoe (Nürnberg et al.,
2013). Recently, the Annex 4 committee of the 2012 GLWQA recom-
mended a new target TP load of 6000 Mg P/year, and our internal P
flux would be 6–13%, depending on the temperature correction, of the
new external target load.

It is also possible to estimate the contribution of the internal flux to
the total SRP concentration in the water column as the flux divided by
the water depth times the residence time of the water. The residence
time of water in the western basin may be estimated from the volume
of water in the basin divided by the rate of water flow into the basin.
The western basin is about 3284 km2 in area, and it averages 7.3 m
water depth for a volume of 2.40 × 1010 m3. The water inflow to the
western basin can be approximated as the sum of the Detroit River
discharge (5324 m3/s) and the Maumee River discharge (150 m3/s)
and is about 4.73 × 108 m3/day. This gives an average residence time
of 50.7 days. For the mean annual aerobic flux between 0.43 and
0.91 mg P/m2/day, depending on the temperature correction, a 7.3-m
deep water column and assuming uniform vertical and spatial mixing
with an average water residence time of 50.7 days, it can be calculated
that the sediment contributes between 3.0 and 6.3 μg/L of dissolved P
to thewater column. This contribution represents 20–42% of the IJC Tar-
get Concentration of 15 μg P/L for the western basin.

The implication of these calculations for Lake Erie is that this internal
diffusive recycling of P, essentially constituting a “background” P input,
is unlikely to trigger cyanobacterial blooms by itself, but it is sufficiently
large to cause blooms when combined with external loads. This back-
ground flux may be also responsible for delayed response of the lake
to any decrease in the external loading. Furthermore, the seasonally de-
pendent sediment storage and subsequent internal release of phosphate
may play an important role in the lag time between spring time P loads
and summer/fall time blooms.
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